ABSTRACT: Between 1978 and 1996 benthic communities in the Leigh Marine Reserve shifted from being dominated by sea urchins to being dominated by macroalgae. This was a result of a trophic cascade thought to be an indirect effect of increased predator abundance. We assessed further changes in communities from 1996 to 2000, differences in benthic communities between reserve and adjacent unprotected sites, and the stability of these patterns from 1999 to 2001. Since 1996, densities of sea urchins Evechinus chloroticus have continued to decline in shallow areas of the reserve (< 8 m), and all sites classified as urchin barrens in 1978 are now dominated by large brown algae. Comparisons between reserve and non-reserve sites revealed differences consistent with a trophic cascade at reserve sites. The greatest differences in algal communities between reserve and non-reserve sites occurred at depths where E. chloroticus was most abundant (4 to 6 m). Reserve sites had lower urchin densities and reduced extent of urchin barrens habitat with higher biomass of the 2 dominant algal species (Ecklonia radiata and Carpophyllum maschalocarpum). At reserve sites densities of exposed E. chloroticus (openly grazing the substratum) declined so that urchin barrens were completely absent by 2001. Lower density of the limpet Cellana stellifera and higher densities of the turbinid gastropod Cookia sulcata at reserve sites are thought to be responses to changes in habitat structure, representing additional indirect effects of increased predators. The overall difference in community types between reserve and non-reserve sites remained stable between 1999 and 2001. Localised urchin mortality events due to an unknown agent were recorded at some sites adjacent to the marine reserve. Only at 1 of these sites did exposed urchins decline below the critical density of 1 m -2 , which resulted in the total replacement of urchin barrens with macroalgae-dominated habitats. At other sites urchin barrens have remained stable. Declines in the limpet C. stellifera occurred across all sites between 1999 and 2001 and may be indirectly associated with urchin declines. Long-term changes in benthic communities in the Leigh reserve and the stability of differences between reserve and nonreserve sites over time are consistent with gradual declines in urchin densities due to increased predation on urchins, thus providing further evidence for a trophic cascade in this system. The rapid declines in urchin numbers at some unprotected sites, however, demonstrate how short-term disturbances, such as disease, may result in shifts in community types over much shorter time frames. 
INTRODUCTION
Trophic cascades represent a series of interactions whereby plant community structure or 'biomass of primary producers' is indirectly controlled by the presence of top predators (Hairston et al. 1960 , Menge 1995 . When predators do not suppress herbivores, grazing reduces plant biomass. The occurrence of both trophic cascades and the potential for human-induced alterations to trophic cascades are becoming more apparent (Pace et al. 1999 , Polis et al. 2000 . Trophic cascades are characterised by 3 features: (1) top-down control of assemblage structure by predators; (2) conspicuous indirect effects, with 2 or more links distant from the primary one; and (3) persistence of alternative community states. While trophic cascades in the marine environ-ment have received much attention, and their potential is indicated by theoretical studies, there are few empirical studies, with one of the main limitations being the lack of long-term data (Pinnegar et al. 2000) .
Fishing is the most widespread human impact on the marine environment (Pauly et al. 1998 , Jackson et al. 2001 . Fishing not only has direct effects on target populations but also results in indirect effects throughout the ecosystem when top-level predators are removed (see reviews by Jennings & Kaiser 1998 , Pinnegar et al. 2000 , Tegner & Dayton 2000 . On many temperate reefs shifts from macroalgae-dominated habitats to habitats grazed by sea urchins, termed 'urchin barrens', have been linked to the over-harvesting of top predators, e.g. Alaska (Estes & Duggins 1995) , Northwest Atlantic (Wharton & Mann 1981 , Vadas & Steneck 1995 , New Zealand (Babcock et al. 1999 , Shears & Babcock 2002 ) and the Mediterranean (Sala et al. 1998) . Despite the widespread occurrence of apparent trophic cascades, evidence for a key role of predators is mostly circumstantial (Scheibling 1996) , and little is known about the stability of the alternate stable states and the processes leading to their establishment.
Grazing by high densities of sea urchins results in the transition from kelp forests to urchin barrens (Lawrence 1975) . Therefore, understanding the factors regulating sea urchin abundance is pivotal to understanding the mechanisms responsible for this shift in community type. Reversals of this shift (from urchin barrens back to kelp) have been linked to not only the recovery of predators (e.g. sea otters, Estes & Duggins 1995) , but also to high algal recruitment (Harrold & Reed 1985) and mass mortality of urchins due to storms (Ebeling et al. 1985) and disease (Scheibling & Hennigar 1997) . Similarly, harvesting of sea urchins results in the reestablishment of macroalgal forests (Steneck 1997) . In systems where harvesting occurs at many trophic levels, e.g. Californian kelp forests (Dayton et al. 1998 ), many trophic interactions have been lost, and consequently our ability to understand the processes responsible for the establishment and stability of algal assemblages is severely compromised.
Marine reserves, or other areas where fishing is completely prohibited, are therefore a valuable tool in understanding the persistence and stability of communities. Such areas provide an ecosystem-level experimental framework to detect both the direct and indirect effects of fishing, which may not be detectable using small-scale manipulations (Shears & Babcock 2002 , cf. Andrew & Choat 1982 . Furthermore, monitoring marine reserves and adjacent unprotected areas over long periods allows the differentiation of fishing effects from long-term changes associated with other factors such as natural disturbance and climate change. If predators have an important regulatory effect on sea urchins, we would expect a transition from urchin barrens back to kelp after a period of predator recovery. Not all studies on temperate reefs that have utilised marine reserves to address such questions have found strong evidence for trophic cascades (Edgar & Barrett 1997 , Cole & Keuskamp 1998 , Sala et al. 1998 ). This may be due to a number of reasons, including inherent aspects of the particular system examined, studies being carried out over insufficient periods of time and also a lack of long-term data.
Long-term studies at permanent sites in New Zealand's oldest marine reserve, the Cape Rodney to Okakari Point Marine Reserve (hereafter 'Leigh Reserve'; established in 1976), have revealed a transition from urchin barrens to kelp after 20 yr of marine reserve protection (Babcock et al. 1999 ). On moderately exposed reefs in this part of northeastern New Zealand the urchin barrens habitat typically occurs at depths between 3 and 8 m (Choat & Schiel 1982 , Shears & Babcock 2000 and is maintained by the grazing activity of the sea urchin Evechinus chloroticus (Andrew & Choat 1982 , Shears & Babcock 2002 ) along with a group of herbivorous gastropod species (Ayling 1981 , Choat & Andrew 1986 . Urchin numbers in the Leigh Reserve have declined, and there has been a subsequent 10-fold decline in the extent of urchin barrens habitat from 31.4% of available reef in 1978 to 3.2% in 1996 (Babcock et al. 1999 ). In addition, both the density of E. chloroticus and the extent of the urchin barrens habitat is significantly lower in the Leigh Reserve, and also in the nearby Tawharanui Marine Park, compared with adjacent unprotected areas (Shears & Babcock 2002) . Both reserves have considerably higher abundances of predators, predominantly the snapper Pagrus auratus (Willis et al. 2000, in press) and the spiny lobster Jasus edwardsii (Kelly et al. 2000) compared with unprotected areas where these species are heavily targeted by both recreational and commercial fishermen. Both snapper and spiny lobsters are the dominant predators of adult E. chloroticus, and the chance of predation on tethered urchins is approximately 7 times higher in these reserves than on the adjacent coast (Shears & Babcock 2002) . Consequently, the long-term declines in urchin barrens in the Leigh Reserve and the spatially consistent contrasts between these fished and un-fished areas have been attributed to a top-down role of predators (Babcock et al. 1999 , Shears & Babcock 2002 .
While these patterns provide strong evidence for a trophic cascade in this system, no temporal data exist for non-reserve sites, and many inferences concerning the effects of reserves are based on one-off comparisons of reserve and non-reserve sites. Furthermore, little is known about the stability of the observed changes and the processes that lead to transitions from one habitat state to the next. If such a trophic cascade exists in this system, we make the following predictions based on the 3 characteristics of trophic cascades described above: (1) Habitat change in the reserve will continue towards kelp domination given the persistence of top-down control on assemblage structure. (2) Indirect effects 2 or more steps away from the primary one will be apparent, e.g. potential effects on algae and also other grazers associated with declines in Evechinus chloroticus. (3) Alternative stable states will persist through time between reserve and non-reserve sites. These hypotheses were tested by extending time-series data from permanent sites within the reserve first measured between 1976 and 1978 (Ayling 1978) , from 1996 (Babcock et al. 1999 ) to 2000. In addition, benthic communities at a number of reserve and non-reserve sites were monitored from 1999 to 2001. Since the abundance of the dominant urchin predators has remained considerably higher at reserve sites compared to unprotected areas, the habitat change should remain stable or continue its trend towards a kelp-dominated state. Alternatively, if the spatial contrasts in habitat structure since 1978 were related to some chance temporal variation, we should expect to see considerable variation in habitat structure between 1994 and 2000, in which time the reserve has been more intensively monitored. If spatial differences in habitat structure between reserve and non-reserve sites are a result of trophic interactions, they are predicted to be stable over time. However, if habitat structure changes towards a kelp-dominated system outside the reserve, other processes may be responsible for such transitions.
METHODS
Study area. The Leigh Reserve is located approximately 90 km north of Auckland on the east coast of New Zealand's North Island (Fig. 1) . The nearshore areas within the reserve and along the adjacent coasts contain areas of contiguous reef extending from mean low water spring (MLWS) to depths generally greater than 10 m. Reef communities in the Leigh area have previously been described (Bergquist 1960 , Choat & Schiel 1982 , Taylor 1998 , Shears & Babcock 2000 . See Table 1 for a description of habitats.
Temporal change at permanent sites. Thirteen 100 m 2 'permanent sites', established by Ayling (1978) , were re-sampled during 20-24 September 1999 and 3-9 August 2000. These were grouped among 3 depth strata: shallow (< 5 m; n = 4), mid-depth (6 to 8 m; n = 5) and deep (10 to 13 m; n = 4). Most of the permanent sites were located in Goat Island Bay ( Fig. 1) , although a shallow and a mid-depth site were located at Waterfall Reef in the eastern part of the reserve. In 1978, shallow sites were classified as 'shallow broken rock/ rockflats', mid-depth sites as 'rock flats' and deep sites as 'kelp forest' (Table 1; Ayling 1978) . The positions of Ayling's sites were located using compass bearings and distances from prominent landmarks as in Babcock et al. (1999) . Each site was sampled using 10 haphazardly placed 1 m 2 quadrats. All large brown macroalgae and invertebrate herbivores were counted and measured. The density and size structure of dominant species were compared with data from 1994, 1996 (Babcock et al. 1999) , and the original 1976-78 data (Ayling 1978) . Spatial contrasts and temporal change at reserve and non-reserve sites. Site selection and locations: Eight sites were sampled throughout the Leigh Reserve and along the adjacent coastline (Fig. 1) (Novaczek 1980 , Ayling 1981 , Schiel 1985 . Reef communities at each site were sampled to a maximum depth of 12 m using a combination of line transects and depth-stratified quadrats. This provided information on the distribution of habitats along the depth gradient as well as a quantitative measure of abundance of benthic communities within 4 given depth ranges. Line transects: Three line transects were haphazardly placed at each site to identify the depth distribution of habitats and to obtain information on the reef profile at each site. Transects were run perpendicular to the shore on a fixed compass bearing from MLWS (or the top of Carpophyllum maschalocarpum band) to the edge of the reef, or a maximum of 12 m depth, whichever was encountered first. The habitat type (Table 1) , depth, rock type, slope and distance from shore were recorded at 5 m intervals along these transects. The habitat classification used was similar to that used by Ayling (1978) but with an additional 'mixed algal' habitat, typically characterised by a mixture of Ecklonia radiata and C. maschalocarpum (see Shears & Babcock 2000) .
Transect data were analysed as the proportion of major habitat types at each site. Proportions were calculated as the distance covered by each habitat type from the start of the transect (MLWS) to a depth of 10 m, divided by the transect length. The cut-off depth of 10 m was chosen because urchin barrens rarely occur below this depth around Leigh, and the reefs are completely dominated by kelp forest (Shears & Babcock 2002) . The proportions of each of the major habitat types were analysed using a generalised linear mixed model with fixed factors Year (1999 Year ( , 2000 Year ( and 2001 and Status (Reserve and Non-reserve). Covariance parameter estimates were calculated for the random factor Site (Year × Status) and also for the auto-regressive error structure (AR(1)) to account for repeated measures. The proportion data were modelled using a binomial distribution, and the model was back-fitted using residual (restricted) maximum likelihood employing the GLMMIX macro in SAS (Littell et al. 1996) . The parameter estimates from the model were used to calculate the relative odds ratio, or chances of habitats occurring at reserve versus nonreserve sites, along with 95% confidence limits (see Willis & Millar [2001] for explanation of interpreting relative odds). Note that confidence limits are asymmetrical as they are calculated on the log-scale.
Depth-stratified quadrats: At each site, 5 haphazardly placed 1 m -2 quadrats were sampled in each of 4 depth ranges (< 2, 4 to 6, 7 to 9 and >10 m below MLWS) to provide information on abundance and size structure of dominant organisms. Depths were corrected according to the state of the tide to ensure accurate positioning of quadrats within the desired depth range. It was important that specific narrow depth ranges were selected to ensure comparable repeated sampling. The depth ranges chosen also ensured that sampling was carried out within specific zones previously described at Leigh, shallow Carpophyllum maschalocarpum (< 2 m), urchin barrens (4 to 6 m) and kelp forest (7 to 9 and >10 m) (Choat & Schiel 1982 , Shears & Babcock 2000 . Quadrats were positioned haphazardly adjacent to the transect line in the desired depth range, and the distance along the transect recorded to ensure that subsequent sampling could be carried out in the same general area. Within each quadrat all macroalgae and macroinvertebrate herbivores were counted. The test diameter of all urchins (> 5 mm) was measured to the nearest 5 mm as well as whether each urchin occupied a crevice (cryptic) or openly grazed the substratum (exposed). The total lengths of individual thalli of large brown macroalgae were measured (± 5 cm), as it is difficult to differentiate individual plants for many species. Additional measures of stipe length were made for Ecklonia radiata. The percent cover of encrusting, turfing and foliose forms of algae was estimated (turfing algae were defined as mat forming species generally less than 5 cm height). Algal measurements were converted to biomass for statistical analysis, using lengthweight and percent cover-weight relationships (Table  2) . To obtain length-weight relationships a number of plants covering a range of sizes were measured to the nearest cm, dried at 80°C and weighed to the nearest 0.1 g. For functional groups, which generally only made a small contribution to overall algal biomass, percent cover estimates were converted to dry weight. These were calculated from three 10 × 10 cm (0.01 m 2 = 1%) samples that were collected, dried and weighed.
Overall differences in algal communities between years and between reserve and non-reserve sites were tested using non-parametric multivariate analysis of variance (NP-MANOVA) (Anderson 2001) . Ecological data very rarely conform to the strict normality assumptions of traditional parametric MANOVA, so non-parametric techniques based on permutation tests are preferred. Analysis was carried out on biomass data for the 12 mostdominant species, while the remaining species were grouped into 11 functional groups ( Table 2 ). The analysis was based on BrayCurtis similarities, and data were fourth-root transformed to ensure that all species or groups, abundant or rare, contributed to the triangular matrix (Clarke & Warwick 1994) . NP-MANOVA currently does not allow 3-way tests, so separate analyses on the effect of Year and Status, with Site as a nested term, were carried out for each of the 4 depth ranges. No corrections were made to adjust for multiple testing; however, permutation tests calculate exact p-values. Non-metric multidimensional scaling (MDS) was used to display similarities in overall algal communities between sites and years and similarity percentages analysis (SIMPER) was used to identify the species responsible for differences between reserve and nonreserve sites (Clarke & Warwick 1994) .
Differences in the abundance of urchins, herbivorous gastropods and the biomass of the 2 dominant macroalgal species (Ecklonia radiata and Carpophyllum maschalocarpum) were compared between reserve and non-reserve sites and between years using a generalised linear mixed model. The factors Year, Status and Depth range were treated as fixed factors and Site (Year × Status) as a random effect. The model was fit-5 Table 2 . Algal species and functional groups used in analysis along with length-weight and/or percent cover-weight relationships for biomass estimates. y = dry weight (g), x = total length (cm), SL = stipe length (cm) and LL = laminae length (cm) Choat & Schiel (1982) b The proportion of CaCO 3 in Corallina officinalis has been estimated as 45% of the dry weight (M. Taylor unpubl. data). The value given is the total dry-weight of samples less 45% ted using the same procedure as for the habitat data (previous section) but to a Poisson distribution. Ratios of density or biomass between levels of significant fixed factors were calculated to provide an estimate of the size of main effects.
RESULTS

to 2000: Long-term changes at permanent sites
The greatest changes since 1978 have occurred at permanent sites located in the mid-depths (Fig. 2) . These sites, originally classified as urchin barrens (Ayling 1978) , are now dominated by Ecklonia radiata, and urchins are rare. At shallow sites, urchin densities have generally been variable since 1978 (Fig. 2) , although the density of E. radiata and fucalean algae have increased in recent years. The deeper sites (Fig. 2) , which are dominated by mono-specific stands of E. radiata, have remained relatively stable over time. Low densities of E. radiata in 1994 resulted from a large-scale dieback which occurred in 1993 (Cole & Babcock 1996) . The relatively high densities in 1978 are attributable to a large number of recruits (Ayling 1978) , and the densities of adults are comparable to those today.
In general, trends in habitat change between 1978 and 1994 have continued since 1996 at all permanent sites, but this change has not been simultaneous at all sites. Prior to this study the mid-depth site at Waterfall Reef remained as urchin barrens, but in 2000 there was a considerable increase in both Ecklonia radiata and fucaleans (Fig. 3) . Urchin populations at this site were dominated by adults (> 50 mm TD) in 1978 (> 50 mm TD) in , 1994 (> 50 mm TD) in and 1996 (Fig. 3) , and both Carpophyllum maschalocarpum and E. radiata were rare. In 1999 and 2000 the number of adult urchins were declining and cryptic juveniles dominated the populations, allowing successful recruitment of C. maschalocarpum and E. radiata (Fig. 3) .
to 2001: Spatial contrasts and temporal change at reserve and non-reserve sites
Habitat distributions
Large differences were found in the extent of major habitat types between reserve and non-reserve sites in the shallow subtidal (<10 m depth) (Fig. 4) . Most notable was the dominance of urchin barrens at nonreserve sites and the decline of urchin barrens from 4.9 ± 2.5% to complete loss of this habitat at all reserve sites between 1999 and 2001. Prior to 2001 urchin barrens occurred at low levels at sites in the western part of the reserve (Waterfall and Onespot). The complete absence of urchin barrens in reserve sites in 2001 rendered statistical analysis pointless. At non-reserve sites there was no overall difference among years in the extent of urchin barrens (F 2, 21 = 1.52, p = 0.24). However, at Rodney South urchin barrens declined from 42.1 ± 0.4 and 49.7 ± 6.2% in 1999 and 2000, respectively, to being completely absent in 2001. This corresponded to an increase in turfing algae, mixed algae and kelp forest at this site.
The reefs at reserve sites had significantly higher cover of mixed algae (F 1, 20 = 11.71, p < 0.01) and kelp forest (F 1, 20 = 42.68, p < 0.01) than those at non-reserve sites (Fig. 4) . The likelihood of mixed algae occurring at reserve sites was 3.6 (CL 95 = 1.1, 6.1-upper and lower confidence limits) times higher than at nonreserve sites, while kelp forest was 2.7 (CL 95 = 2.0, 3.7) times more likely to occur in the reserve. These (Fig. 4) .
Invertebrate herbivores
The density of urchins varied significantly with depth (Fig. 5, Table 3 ) with most urchins being concentrated in the 4 to 6 m depth stratum. Densities were 1.7 (CL 95 = 1.0, 2.9) and 2.9 (CL 95 = 1.7, 4.8) times higher in the 2 shallow depth ranges (0 to 2 and 4 to 6 m) compared to the 7 to 9 m depth range. Urchins occurred in very low numbers in the deepest depth stratum (>10 m), so this depth was not included in analyses. Non-reserve sites had 1.84 (CL 95 = 1.18, 2.87) times higher densities than reserve sites. There was no difference in overall urchin densities between years.
Urchins exhibiting cryptic behaviour also varied significantly with depth and reserve status but not between years (Fig. 5, Table 3 ). The density of cryptic urchins, predominantly juveniles (Fig. 6) , was actually 2.21 (CL 95 = 1.32, 3.71) times higher at reserve sites. The density of exposed urchins at reserve sites was low in 1999, and by 2001 they were absent at all depths except the 7 to 9 m depth stratum (Fig. 5) . Exposed Evechinus chloroticus also declined at all non-reserve sites except Kempts Beach over the 3 yr. The greatest decline occurred at Rodney South, where the densities of exposed urchins dropped from 4.8 ± 1.0 m -2 in 1999 to 2.4 ± 0.8 m -2 in 2000, becoming completely absent in 2001. There were clear differences in urchin population size structures with reserve status (Fig. 6) . While the contrast in reserve and non-reserve populations was relatively stable between years, a general decline in exposed urchins at reserve and non-reserve sites was apparent. The densities of herbivorous gastropod species were generally variable, particularly among depths (Fig. 7 , Table 3 ). Cookia sulcata and Cellana stellifera tended to be more abundant in the 2 shallow depth strata, while Trochus viridis and Cantharidus purpureus occurred at very low densities in the shallow strata and at high densities in the deeper strata. There were widespread declines in both C. sulcata and C. stellifera across all sites between 1999 and 2001. C. sulcata was 2.6 (CL 95 = 1.4, 4.8) times more abundant in 1999 than 2001, and C. stellifera 16.9 (CL 95 = 4.9, 58.3) times more abundant in 1999. There was also a significant effect of reserve status, with C. sulcata being 3.0 (CL 95 = 1.2, 7.2) times more abundant at reserve sites, whereas C. stellifera was 2.5 (CL 95 = 0.9, 7.2) times more abundant at non-reserve sites (Table 3) .
Macroalgae
Macroalgal assemblages. There were large differences in algal assemblages between reserve and nonreserve sites (Table 4) . These effects differed with depth (Table 5A) , and were only significant for the 4 to 6 m depth range (Fig. 8) , where algal biomass was low at non-reserve sites, consistent with high densities of exposed Evechinus chloroticus (Fig. 5) . In the 4 to 6 m depth strata the biomass of Ecklonia radiata, Carpophyllum maschalocarpum, crustose corallines and coralline turf was higher at reserve sites, while at nonreserve sites there was more filamentous algae and also C. flexuosum (Table 4) . Within the other depth ranges, there were some clear differences for particular species. For example, in the shallow depth range (< 2 m) reserve sites had a much higher biomass of C. angustifolium and Pterocladia lucida. Nevertheless, there was no significant difference in overall algal 9 assemblages between reserve and non-reserve sites at these depths.
Overall algal assemblages were stable over time (1999 to 2001) at all depths (Table 5B ). However, in the 4 to 6 m depth range the effect of year was marginally insignificant (NP-MANOVA, p = 0.06, Table 5B ) and changes were apparent in the similarity of algal communities at reserve and non-reserve sites (Fig. 8) . Table 4 . The main algal species separating reserve and non-reserve sites in the 4 to 6 m depth stratum from 2001 sampling. The top 10 species are ranked according to their contribution to the difference between reserve and non-reserve sites. Note that in some cases species refers to an algal group, e.g. Filamentous. For each species the average biomass (g m -2 ± SE) for reserve and non-reserve sites, the average dissimilarity (Dis), the ratio of average dissimilarity and standard deviation (Dis/SD), the percent contribution to overall dissimilarity (%Dis), the cumulative percentage (Σ %Dis) and the percent contribution to total algal biomass (%B) at that depth are presented Reserve sites grew more similar (similarity increased from 56.2 to 73.8%), as all sites became dominated by the large brown algae Ecklonia radiata and C. maschalocarpum, while sites outside the reserve became more different (similarity decreased from 65.2 to 45.2%), due to the increase in large brown algae at Rodney South. At Kempts Beach there was high variation among samples each year (Fig. 8) due to the position of the urchin barren-kelp forest border. While the overall difference in algal communities between reserve and non-reserve sites was consistent from 1999 to 2001 (Fig. 8 ), changes were apparent in the dominant species. Dominant species. Ecklonia radiata and Carpophyllum maschalocarpum (Fig. 9) were the greatest contributors to total algal biomass each year (67.6 ± 1.2 and 22.4 ± 1.4%, respectively) and were largely responsible for the differences at 4 to 6 m between reserve and non-reserve sites (Table 4 ). E. radiata biomass varied significantly with year (Table 3) . A large increase in E. radiata biomass across all depths was apparent between 1999 and 2000. There was no overall difference between reserve and non-reserve sites, but the effect of status changed with depth (Table 3 ). Significant differences with status occurred between 4 and 6 m (F 1, 20 = 21.99, p < 0.01), where E. radiata biomass was 12.5 (CL 95 = 4.4, 35.9) times higher at reserve sites, and deeper than 10 m (F 1,14 = 6.03, p = 0.03), where the biomass was actually 2.0 (1.2, 3.4) times higher at the non-reserve sites. This effect was largely due to the high biomass of E. radiata at 2 non-reserve sites, Mathesons Island and Nordic Reef, where the plants were larger than those at other sites.
Carpophyllum maschalocarpum dominated the shallowest depth stratum, was common at 4 to 6 m depth and rare in the deeper strata (Fig. 9) . While biomass varied significantly between depths there was no overall difference among years or with reserve status (Table 3) . These patterns were consistent at depths <2 m, but at 4 to 6 m C. maschalocarpum biomass increased significantly between years (F 2,20 = 4.12, p = 0.03) and was 28.5 (CL 95 = 7.4, 109.9) times higher at reserve sites (F 1,20 = 23.6, p < 0.01). 
DISCUSSION
Long-term habitat change in the Leigh Reserve
The transition from urchin barrens to kelp has continued in the Leigh Reserve since 1996, consistent with the top-down control of urchins by predators in this system (Babcock et al. 1999 , Shears & Babcock 2002 . In 1978 the urchin barrens habitat dominated between depths of 5 and 9 m (Ayling 1978) . Now, all of Ayling's (1978) permanent sites originally classified as 'rockflats' (= 'urchin barrens'; Table 1 ) are dominated by large brown algae. In 1996 the permanent site located on Waterfall Reef persisted as urchin barrens (Babcock et al. 1999) , as it had done for over 25 yr (Ayling 1981) . Cole & Keuskamp (1998) recorded a 10 yr decline in density of the sea urchin Evechinus chloroticus at this site prior to 1998. This decline has continued in 1999 and 2000, and this area is now dominated by large brown algae (Fig. 3) .
Permanent sites located in shallower (< 5 m) and deeper (>10 m) water have historically been dominated by large brown algae, and these areas have remained relatively stable since 1978. At shallow depths sea urchins are typically cryptic, due to higher water motion and also a more abundant supply of drift algae (Lissner 1980 , Rogers-Bennett et al. 1995 , and have limited grazing effects on algae. Cryptic behaviour also reduces susceptibility to predation, and subsequently in the shallow permanent sites Evechinus chloroticus remains at moderate but variable densities. Deeper permanent sites are dominated by monospecific stands of Ecklonia radiata, and E. chloroticus occurs at very low densities; consequently, these areas have remained stable since 1978. Low numbers of sea urchins in kelp forests have been attributed to low recruitment (Duggins et al. 1990 ), low juvenile survivorship (Andrew & Choat 1985) , physical abrasion of algae on adult urchins (Konar 2000) and predators associated with kelp (Breen & Mann 1976) . At the permanent sites sampled there were no apparent longterm effects on E. radiata populations resulting from the widespread dieback event recorded in 1992-93 (Cole & Babcock 1996) .
While data are lacking for the permanent sites between 1978 and 1994, trends in habitat change have continued along the same trajectory since 1994. In other systems these habitats show long-term persistence, and transitions between barrens and kelp are thought to occur irregularly without any detectable periodicity (reviews by Harrold & Pearse 1987, Chap- 1995) . The dominant algae in this system (Ecklonia radiata and Carpophyllum maschalocarpum) are both relatively resilient long-lived species (Novaczek 1980 , Schiel 1985 , and algal habitats appear stable once established. It is therefore unlikely that the depth-specific changes seen are a result of short-term or cyclical patterns in abundance of major structural species. This long-term data on urchin and kelp abundances at specific sites have proved highly valuable in identifying the trophic cascades responsible for shifts between these alternate states.
Contrasts between reserve and non-reserve sites
Differences in both grazer and algal communities between reserve and non-reserve sites are consistent with the direct and indirect effects associated with higher abundances of urchin predators (Kelly et al. 2000 , Willis et al. 2000 ) at reserve sites, thus providing evidence for a trophic cascade. The greater cover of urchin barrens habitat and higher urchin densities at unprotected sites seen in this study have previously been attributed to lower levels of predation on urchins compared to reserve sites (Babcock et al. 1999 , Shears & Babcock 2002 . As seen in changes at permanent sites, these effects are depth-specific, and in this case reserve-related differences were only apparent in the 4 to 6 m depth stratum. In this depth range exposed Evechinus chloroticus, which are responsible for maintaining the urchin barrens habitat (Shears & Babcock 2002) , were rare in the reserve, and the biomass of Ecklonia radiata and C. maschalocarpum was 12.5 and 28.5 times higher at reserve than non-reserve sites.
The size structure of urchins also differed between reserve and non-reserve sites. Previous studies suggested that bimodal population structures in the Leigh reserve and Tawharanui Marine Park resulted from high levels of size-specific predation (Cole & Keuskamp 1998 , Shears & Babcock 2002 ). In our study reserve populations were weakly bimodal in 1999, but in subsequent years this bimodality was lost due to the continual decline in abundance of large exposed urchins. Within the reserve, proportionally more urchins exhibited cryptic behaviour than at non-reserve sites, and crypsis was also maintained by larger individuals. Cryptic behaviour of urchins at reserve sites is likely to be due to a combination of factors, including a more abundant supply of drift algae that reduces the need for active foraging (Harrold & Reed 1985) , abrasion by macroalgae (Konar 2000) , and greater levels of predation (Shears & Babcock 2002 ).
In addition to trophic cascades, evidence for further, indirect effects (Menge 1995 ) is provided by differences in the abundance of the limpet Cellana stellifera and the turbinid gastropod Cookia sulcata between reserve and non-reserve sites. The density of C. sulcata was 3 times higher at reserve sites. This may be related to the higher cover of coralline turf seen at reserve sites associated with reduced urchin densities (Shears & Babcock 2002) . Coralline turf is a major component of the diet of C. sulcata (Keestra 1987) , and the abundance of C. sulcata is generally positively correlated with the cover of coralline turf (N. T. Shears unpubl. data). Such indirect effects may provide an example of habitat facilitation (Menge 1995) , whereby predators indirectly improve the habitat for C. sulcata through the removal of Evechinus chloroticus.
Conversely, densities of Cellana stellifera were 2.5 times lower in the reserve than at non-reserve sites. This is consistent with patterns recorded in the Aleutian Islands, where limpets occur at higher densities where sea otters are absent (Simenstad et al. 1978) . While the lower abundance of C. stellifera in the reserve may be related to the higher abundance of predators, the grazing activity of Evechinus chloroticus maintains a suitable substratum (crustose coralline algae) for the attachment and movement of C. stellifera (Andrew & Choat 1982) . Experimental removals of urchins typically result in increased biomass of turfing algae and a decline in limpet densities (Andrew & Choat 1982 , Fletcher 1987 , Andrew & Underwood 1993 . Therefore, the indirect effect of increased predator density is a lower density of limpets in the reserve, which could be interpreted as an example of habitat inhibition (cf. Menge 1995) .
Temporal consistency of reserve-related differences
Differences in community structure between reserve and non-reserve sites were stable from 1999 to 2001, consistent with a trophic cascade. While this spatial contrast indicates stability of long-term changes, there were some short-term changes in urchin density and algal communities at both reserve and non-reserve sites. In 1999 exposed urchins and urchin barrens habitat occurred in the 4 to 6 m depth range at the sites in the eastern part of the reserve (Waterfall and Onespot). However, in subsequent years Evechinus chloroticus declined below an apparent threshold density, allowing macroalgae to dominate, consistent with patterns seen at the permanent site at Waterfall Reef. By 2001 the urchin barrens habitat was absent, and exposed urchins were rare at reserve sites. Comparisons of exposed urchin density and algal biomass at sites in this study (Fig. 10) revealed that the threshold density of exposed urchins required to maintain the barrens habitat appears to be around 1 m -2 , below which macroalgae quickly colonize. Breen & Mann (1976) estimated that kelp could not recolonize barren areas in Nova Scotia when urchin biomass exceeds 150 g m -2 (wet weight). This is consistent with our study, in which the average test diameter (D) of exposed urchins was 69.0 ± 0.7 mm, equating to a wet weight of 134.2 g (weight = 0.000843D 2.8288 ; R. Taylor unpubl. data). It is not clear what the threshold urchin density would be for the reversal of kelp to urchin barrens and also not clear is the time-scale of such transitions. Ayling (1981) suggested that only when urchin densities increased above ~6 m -2 was grazing intensity sufficient to allow the formation of urchin barrens. Similarly, in Nova Scotia a threshold urchin biomass of 2 kg m -2 (wet weight) is necessary to initiate destructive grazing of kelp forests (Breen & Mann 1976 , Scheibling et al. 1999 ). In our study this would equate to a density of exposed E. chloroticus of 14.9 m -2 . Such densities are currently rare on reefs in the Leigh area (N. T. Shears pers. obs.).
Rapid declines in urchin densities were recorded at 3 of the non-reserve sites associated with a local-scale urchin mortality event observed around Leigh in summer 1999-2000 (J. Walker & R. Babcock unpubl. data). However, only at 1 of these sites (Rodney South) did urchin density drop below 1 m -2 , allowing macroalgae to establish. The urchin barrens habitat remained stable at the other sites among years despite reduced urchin densities. Mass mortality of Evechinus chloroticus has not been previously documented in northeastern New Zealand, but the rapid declines and the symptoms of 'sick' and dying urchins are consistent with disease in stronglyocentrotid species (Shimizu et al. 1995) . Urchins exhibiting these symptoms were only observed at sites outside the reserve. Large declines in Cellana stellifera also occurred between 1999 and 2001, which is consistent with a reduction in urchin density (Andrew & Choat 1982) . Recovery of urchins from such die-offs is likely given the small-scale of mortalities. In Jamaica recovery of Diadema antillarum has been reported (Edmunds & Carpenter 2001) even after the large-scale mass mortalities there (Lessios 1988) .
Over the duration of our study (1999 to 2001) climatic conditions were in a weak La Niña phase, with consistently warmer than average summer water temperatures (J. Evans unpubl. data). This may have been related to the occurrence of the urchin die-off seen at some non-reserve sites. Urchin mortalities in other parts of the world have also been associated with higher than normal water temperatures (Scheibling & Hennigar 1997) . The long-term trends seen in the reserve at Leigh, however, do not appear to be correlated with any changes in oceanographic conditions. Since 1978 there have been no clear trends in sea temperature, with both warmer and colder than average years (J. Evans, Leigh Marine Laboratory, unpubl. data). Furthermore, the contrasting states between reserve and non-reserve sites discount oceanographic changes as a mechanism for explaining long-term changes at reserve sites.
CONCLUSIONS
The findings from this study provide further evidence for a trophic cascade on subtidal reefs in northeastern New Zealand:
• The continued, long-term decline in urchin-dominated habitats and increase in algal habitats at reserve sites is consistent with top-down control of predators on assemblage structure.
• Conspicuous indirect effects on algae are apparent between reserve (high predators) and non-reserve (low predators) sites. Other indirect interactions such as habitat facilitation and inhibition at 2 trophic levels below top predators have also been observed.
• The contrasts in assemblage structure between reserve and non-reserve sites have generally remained stable over the last 3 yr.
In northeastern New Zealand the urchin barrens habitat can persist for long periods while urchin numbers decline, due to the low threshold density of urchins required to maintain the habitat. Predation is highest on juvenile urchins, while only low rates of predation occur on the large urchins, which are responsible for maintaining the habitat (Shears & Babcock 2002) . Therefore the indirect effects of increases in predator abundance associated with marine reserve protection on benthic community structure have occurred over a long period in the Leigh reserve. The trophic effects of other disturbances that directly affect adult urchins (e.g. disease, harvesting) can operate over much shorter time scales, which result in rapid changes in assemblage structure such as those observed outside the reserve. Trajectories of habitat change at non-reserve sites will be of continued interest along with the degree of persistence of kelp communities in the reserve.
